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Introduction

Managed aquifer recharge (MAR) is the intentional
recharge of aquifers for augmentation of depleted ground-
water resources or for environmental benefit. This
includes ASR and ASTR—Aquifer storage (transfer)
and recovery—systems where, e.g. surface water, storm
water, or reclaimed water is injected into a confined target
aquifer or applied via passive infiltration systems to an
unconfined aquifer, prior to recovery for use. The interest in
MAR has increased in recent years as a potential solution to
meet growing water demand while maintaining groundwater
levels and safeguarding groundwater quality.

In this report, the focus is on surface infiltration of highly
treated wastewater through infiltration ponds. The infiltra-
tion triggers a number of chemical reactions in the target
unconfined aquifer which can be subdivided into four key
geochemical processes affecting the efficiency of the system
or the quality of the extraction water (Farnsworth and Hering
2011): reduction near the pond, mineral reactions in the
aquifer, sorption–desorption reactions in the aquifer, and
oxidation near the production well.

Managing groundwater resources in a sustainable way
is the general motive behind any MAR scheme. The main
goal of many applications is quality enhancement of the
infiltrated water by removal of undesirable substances
before further use, either for industry, agriculture or for the
production of drinking water. This is for instance the case
for riverbank infiltration sites or in cases of the infiltration
of surface water or secondary treated effluent. Soil aquifer
treatment is then an essential step to remove pathogenic
bacteria, viruses, trace metals, dissolved organic matter,
pesticides, or pharmaceuticals. General geochemistry
(Goren et al. 2011; van Breukel et al. 1998; Vengosh
and Keren 1996), denitrification (Schmidt et al. 2011),
saturated–unsaturated conditions and redox chemistry
(Greskowiak et al. 2005; Massman et al. 2006), fate of
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Abstract Managed artificial recharge (MAR) is a well-
established practice for augmentation of depleted
groundwater resources or for environmental benefit.
At the St-André MAR site in the Belgian dune area,
groundwater resources are optimised through re-use of
highly treated wastewater by means of infiltration ponds.
The very high quality of the infiltration water sets this
system apart from other MAR systems. The low total
dissolved solid (TDS) content in the infiltration water
(less than 50mg/L) compared to the dune aquifer
(500mg/L) triggers a number of reactions, increasing
the TDS through soil-aquifer passage. Multi-component
reactive transport modelling was applied to analyse the
geochemical processes that occur. Carbonate dissolu-
tion is the main process increasing the TDS of the
infiltration water. Oxic aquifer conditions prevail
between the infiltration ponds and the extraction wells.
This is driven by the high flow velocities, leaving no
time to consume O2 between the ponds and extraction
wells. Cation exchange is important when infiltration
water is replaced by native dune water or when significant
changes in infiltration-water quality occur. The seasonal
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variation of O2 and temperature in the infiltration water
are the main drivers for seasonal changes in the concen-
tration of all major ions.
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pollutants (Maeng et al. 2011; Stuyfzand 1998; Stuyfzand
et al. 2007; Wiese et al. 2011), residence times (Massmann
et al. 2008) and clogging (Baveye et al. 1998; Hoffmann
and Gunkel 2011) are extensively treated in literature.
In addition, MAR systems can play a vital role in optimising
groundwater resources through water re-use, whereby the
infiltration water is already of very high quality. Descriptions
of examples of such systems are few.

The St-AndréMAR system located in the Belgian coastal
dunes (Fig. 1) is such an application (Vandenbohede et al.
2009a). The infiltration water is tertiary treated effluent so
that nutrients, trace organics, micropollutants or other
undesired compounds are largely removed. The low total
dissolved solids (TDS), less than 50 mg/L in comparison
to 500 mg/L in the target aquifer, sets it apart from most
other artificial infiltration sites described in the literature.
Soil aquifer treatment remains an essential step in the
drinking-water production and consumption chain because
the low TDS of the infiltration water which makes it
unsuitable for direct application as drinking water. Soil-
aquifer passage also provides an extra barrier to ensure
good quality water of constant composition. Another
factor is that artificial recharge prevents seawater intrusion
(Van Houtte and Vanlerberghe 1998). Additionally, one
has to bear in mind the valuable dune ecosystem where
groundwater levels are important. Consequently, the MAR
system is part of an integrated and sustainable water
management strategy for the freshwater resources in the
dune area (Vandenbohede et al. 2009a).

Past work has shown that increase of TDS is the main
change to infiltrated water composition during aquifer
passage (Vandenbohede et al. 2009b). Knowledge of the
geochemical processes that drive this TDS increase is of
crucial importance for managing the system sustainably. The
aim of this report is to analyze quantitatively the increase in
TDS of the infiltrated water and the geochemical fate of the
major ions in the St-André MAR system. Reactive transport
modelling is therefore applied and this work supplements
earlier modelling of groundwater flow (Vandenbohede et al.
2008b; 2009a; 2012) and descriptive hydrochemistry of the

site (Vandenbohede et al 2009b). Additionally, the influence
of the seasonal change in infiltration-water temperature,
which varies between almost 0 and 25 °C, was studied
because it affects redox reactions (Sharma et al. 2012).
Multi-component reactive transport modeling was used to
assess the relative impact of different reactions, to quantify
changes that the infiltration water undergoes as it passes
through the aquifer, to elucidate seasonal aspects such as
temperature and dissolved oxygen content of the infiltra-
tion water, and to estimate the impact of the infiltration on
aquifer mineralogy in the short and long term. Because of
the specific low TDS of the infiltration water, this case
study forms a complement to existing studies of riverbank
infiltration or infiltration systems using secondary treated
effluent.

Field situation

St-André MAR system
The Belgian Intermunicipal Water Company of the Veurne
region has been operating the St-Andre MAR site since
2002. The main objective of the scheme is to meet
growing water demands and to facilitate sustainable
groundwater management (Van Houtte and Verbauwhede
2005; Vandenbohede et al. 2009a; Van Houtte and
Verbauwhede 2012). The St-André MAR system is
comprised of two interconnected infiltration ponds with a
combined surface area of 18,200 m2. It is surrounded by a
battery of 112 production wells (Fig. 1), all of which are
screened between 8 and 12 m below ground surface level.
The infiltration ponds are in direct contact with the
shallow groundwater throughout the year and no unsatu-
rated zone exists. In the first 10 years of operation, 19.5
million (M) m3 recharged the unconfined sandy aquifer.
An additional amount of native groundwater is extracted,
as the infiltration project was developed for an extraction/
infiltration ratio of 1.4. Infiltration of 2.5 Mm3/year and
extraction of 3.5 Mm3/year is permitted (Van Houtte and
Verbauwhede 2012). Together with a second extraction at

Fig. 1 a Location of the study area in the dune area of the western Belgian coastal plain and b detailed lay-out of the infiltration ponds, wells of
the well battery (dots) and the observation wells (WP23, WP24). Wells of the well battery are numbered with an interval of 10
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St-André which is permitted for 0.7 Mm3/year, and a
permit to extract 0.5 Mm3 in the dunes close to the
French-Belgian border, drinking water is provided to
about 62,000 permanent residents; this can increase to
about 250,000 during summer and holiday periods.

The infiltration water is derived from the effluent of a
municipal wastewater treatment plant which operates
primary treatment and activated sludge as secondary
treatment. This secondary effluent is treated by the water
company with ultrafiltration (UF), disinfection, and
reverse osmosis (RO) before infiltration. Before May
2004, 90 % RO water was blended with 10 % UF water.
This increased its TDS and achieved a closer match
between the natural dune water and the infiltration-water
chemistry. After May 2004, this has been achieved
through the addition of NaOH to the RO water before
infiltration. Despite this addition, TDS of the infiltration
water remain low (less than 50 mg/L) in comparison to
native dune water (500 mg/L). Treatment with RO removes
viruses, nutrients, trace organics and micropollutants such as
pesticides, endocrine disrupting compounds, and pharma-
ceuticals from the infiltration water (Van Houtte and
Verbauwhede 2012).

Aquifer properties
The dunes in the western Belgian coastal plain are about
2–2.5 km wide with elevations varying between 6 and 35
mTAW (0 mTAW being the Belgian reference level
corresponding to 2.36 m below mean sea level). The
dunes are bordered seawards by the 450 m wide shore and
landwards by a polder area. The dune aquifer has a
thickness of 25–35 m and consists of Quaternary
sediments. It is underlain by a 100-m-thick Tertiary-age
clay layer (Kortrijk Formation) which is considered
impermeable for the purposes of this study. A freshwater
lens lies on top of the Kortrijk Formation in the dunes,
whereas a complex distribution of freshwater and saltwa-
ter occurs in the polder area (Vandenbohede et al. 2008a;
Vandenbohede et al. 2009a).

At the location of the infiltration ponds, the dune
aquifer thickness is about 30 m, of which the upper 6 m
are composed of yellow aeolian dune sands. These sands
contain clay horizons and horizons with accumulations of
organic material. Two such horizons are found under both
ponds at 5.8 and 4.5 mTAW. Also, a relatively fine, silty
sand layer is present at 3.5 mTAW. Below the aeolian
dune sediments, a patchy silt to clayey sand layer occurs
under the western pond but not under the eastern pond.
The remainder of the aquifer consists of medium-to-coarse
grey sand. Figure 2 shows carbonate, clay and sediment-
bound organic material (SOM) content as a function of
depth, based on boreholes at two sites, i.e. vb9 and db1
(Lebbe 1973). Borehole vb9 was located at the ponds,
while db1 was located 500 m to the northeast. Carbonate
content of the upper 5 m is below 5 % dw (percentage dry
weight) and increases with aquifer depth to between 5 and
10 % dw. Important sources for the calcium carbonate are
nearby Cretaceous chalk deposits of Cap Blanc-Nez cliffs,

northern France, (Depuydt 1972), as well as shell material
and shell debris, mainly from Cardium, Donax and
Macoma. Accumulation of shells or shell fragments
results in local horizons of elevated carbonate content
which can be up to 23 % dw. SOM content varies between
0.01 and 6 % dw. The highest content is present in
horizons enriched by organic material in the upper 5 m of
the aquifer. The lower part of the aquifer has a mean SOM
content of 0.05 % dw. Clay content varies between 1 and
7 % dw with locally higher values in the upper 5 m. Clay
content is less than 1 % dw below 5 m depth but increases
again to 5 % below –15 mTAW. Fe-oxides occur as
coatings on sand grains.

The mineralogical composition of 5 sediment samples
was determined by X-ray diffraction (XRD) using powder
samples. Two samples were taken from below the western
pond, i.e. 10 and 75 cm below the pond floor respectively.
The other three samples of dune sediments were taken
close to the pond at depths of 1, 2.2 and 3.2 m
respectively. Based on the XRD results, quartz is the most
abundant mineral of the dune sands, followed by calcite
and feldspar. Against expectations (Vandenbohede et al.
2009b) pyrite was not present. Cation exchange capacity
(CEC) was also determined on these sediment samples.
CEC of the sample 10 cm below the pond is 35.2 meq/kg,
whereas it is 17.9 meq/kg for the sample 75 cm under the
pond. CEC of dune sediments decrease with depth, which
is in agreement with higher clay and SOM content in the
upper few meters. At 3 mTAW, CEC is 10 meq/kg which
compares with a mean value of 6 meq/kg considered a
typical value for sandy Quaternary dune deposits
(Stuyfzand 1993a; 1999).

Reactive transport simulations

SEAWAT-PHT3D
Simulations were carried out with the reactive multicom-
ponent transport model PHT3D (Prommer and Post 2010),
based on flow fields computed with SEAWAT version 4
(Langevin et al. 2007). SEAWAT version 4 couples
MODFLOW-2000 (Harbaugh et al. 2000) with the multi-
species 3D transport model MT3D-MS (Zheng and Wang
1999)), and allows for the inclusion of the temperature
dependence of the flow field. PHT3D in turn couples
MT3D-MS and the geochemical code PHREEQC
(Parkhurst and Appelo 1999) for the quantification of
reactive processes.

Flow model
As the groundwater flow is directed from the ponds
towards the wells (Vandenbohede et al. 2008b), the flow
field can be approximated through a two dimensional (2D)
cross-sectional model from the eastern infiltration pond
through observation wells WP23 and WP24 (Fig. 3). The
cross-section has a lateral extension of 200 m and a depth
of 30 m, with the clay of the Kortrijk Formation forming
the impermeable lower boundary (Fig. 1b). The north-
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western limit of the cross-section is situated in the center
of the eastern infiltration pond. Because the infiltration
pond can be considered a water divide (Vandenbohede et
al. 2008b), this boundary is approximated through a no-
flow boundary. The south-eastern limit of the cross section
is a constant head boundary, with the head at the boundary
set to 4 m, based on groundwater-level observations and a
regional flow model of the area (Vandenbohede et al.
2008b, 2009a). The eastern infiltration pond is 20 m wide
and the battery of production wells is located at a distance
of 40 m from the pond. WP24 is located at a distance of
10 m from the pond, whereas this is 30 m for WP23.

The aquifer is subdivided into 30 model layers of 1 m
thickness, while the lateral model extent is discretised
through 68 columns. Cell width ranges from 2 m close to
the pond and observation and extraction wells and
increases to 10 m towards the south-eastern boundary.
Horizontal conductivity is 20 m/day for the upper part of
the aquifer and 1 m/day for the lower 7 m of the aquifer,
with vertical conductivities being smaller by a factor of 15.
This is based on step-drawdown tests (E. De Wulf, Ghent
University, unpublished data, 2008) and the calibration of a

3D groundwater flow model of the area (Vandenbohede and
Van Houtte 2012).

Infiltration and recovery of water was simulated for a
period of 10 years, commencing with the start of the scheme
in July of 2002 and, therefore, pristine aquifer conditions. To
accurately represent the different phases of the infiltration
operation (i.e. recharge and abstraction periods; varying
geochemical characteristics of the infiltration water) the
simulation time was discretized into stress periods of 1-
month length. Infiltration and recharge rates were calculated
on amonthly basis and theywere recalculated as per meter of
pond length and per well. This recalculation results, for
instance, in a mean infiltration rate of 5.89m3/day/m of pond
length and a mean extraction rate of 7.66 m3/day per well for
the 10-year period. Based on this flow model, a nonreactive
and reactive transport model was set up.

Reaction network
The reaction network includes equilibrium-based speciation of
all major ions (Ca2+, Mg2+, Na+, K+, Cl−, HCO3

−, SO4
2−,

NO3
−, Fetot), O2, calcite and Fe-oxide equilibrium, oxidation of

Fig. 2 Carbonate content, clay content, sediment bound organic matter (SOM) content and cation exchange capacity (CEC) as function of
elevation at the St-André site. Borehole vb9 is located at the ponds; borehole db1 is located 500 m to the northeast

Fig. 3 Schematic diagram of
model set-up with the location
of the pond (first 20 m),
observation wells (WP24 and
WP23) and the production
well

1310

Hydrogeology Journal (2013) 21: 1307–1321 DOI 10.1007/s10040-013-1008-x



sediment bound organic matter (SOM), and cation exchange.
Equilibrium constants, rate constants and other parameters
to describe the reactions are summarized in Table 1.

Calcite is allowed to dissolve and/or precipitate and the
local equilibrium assumption is applied:

CaCO3⇔Ca2þ þ CO2−
3 ð1Þ

Initial calcite concentrations are based on the results of
sediment analysis (Fig. 2), i.e. 0.5404 mol/L (model layers
1 and 2) and 1.621 mol/L for the remainder of the model.
Mineralization of SOM by oxygen, nitrate and sulphate
was included in the reaction network according to the
following reactions:

CH2Oþ O2→HCO−
3 þ Hþ ð2Þ

CH2Oþ 0:8NO−
3→0:4N2 þ HCO−

3 þ 0:2Hþ þ 0:4H2O ð3Þ

CH2Oþ 0:5SO2−
4 →HCO−

3 þ 0:5H2S ð4Þ

These reactions were modeled as a kinetic reaction
following the Monod-type rate expression of Parkhurst
and Appelo (1999):

rSOM ¼ f ar T cð Þ
f arðT refÞ

kO2

O2½ �
2:94e−4 þ O2½ � þ kNO−

3

NO−
3

� �
1:55e−4 þ NO−

3

� � þ kSO2−
4

SO2−
4

� �
1:0e−4 þ SO2−

4

� �
" #

ð5Þ

where rSOM is the overall degradation rate of SOM and
k02, kNO3−, kSO42− are the rate constants of carbon
mineralization under aerobic, denitrifying, and sulfate-
reducing conditions. far is an Arrhenius equation based
temperature factor where Tc is the actual temperature and
Tref a reference temperature (Prommer and Stuyfzand
(2005):

f ar Tð Þ ¼ −exp
1

T þ 273:15
a1 þ a2

� �
ð6Þ

where a1 and a2 are constants, The initial SOM concentra-
tions are based on the results of sediment analysis (Fig. 2)

and are 0.721 mol/L for layers 1 and 2, 0.397 mol/L for layer
3, and 0.072 mol/L for the other layers.

Reductive dissolution of Fe-oxide is treated as an
equilibrium reaction of Fe(OH)3(a):

Fe OHð Þ3 að Þ þ Hþ→Fe3þ þ H2O ð7Þ

An initial Fe(OH)3(a) concentration of 0.01 mol/L is
assigned to the aquifer matrix, based on Fe-oxide
concentrations reported for the Dutch dune area by
van Breukel et al. (1998) (0.034 mol/L), since no
detailed concentrations are known for Belgian dune
sediments.

Table 1 Parameters used in the calibrated model. Values are given at 20 °C for rate expressions, otherwise at 25 °C

Parameter Value Source

Equilibrium constant CaCO3 (log kCaCO3) −8.48 Parkhurst and Appelo (1999)
Rate constant O2 (kO2) 1.57 10−9 mol/Ls Parkhurst and Appelo (1999)
Rate constant NO3

− (kNO3−) 1.67 10−11 mol/Ls Parkhurst and Appelo (1999)
Rate constant SO4

2−(kSO2−4) 10−13 mol/Ls Parkhurst and Appelo (1999)
Constant 1 (a1) −6758.1 Prommer and Stuyfzand (2005)
Constant 2 (a2) 16.1 Prommer and Stuyfzand (2005)
Equilibrium constant Fe(OH)3(a) (log kFe(OH)3(a)) 4.891 Parkhurst and Appelo (1999)
Equilibrium constant CaX2 (log kCaX2) 0.8 Parkhurst and Appelo (1999)
Equilibrium constant MgX2 (log kMgX2) 0.6 Parkhurst and Appelo (1999)
Equilibrium constant NaX (log kNaX) 0 Parkhurst and Appelo (1999)
Equilibrium constant KX (log eKX) 0.7 Parkhurst and Appelo (1999)
Equilibrium constant FeX (log kFeX) 0.44 Parkhurst and Appelo (1999)
Porosity (θ) 0.35 Vandenbohede and Van Houtte (2012)
Thermal conductivity (1b) 1.5 W/Kma Vandenbohede and Van Houtte (2012)

1.9 W/Kmb

Heat capacity solid (ρscs) 2.27 106 J/K m3a Vandenbohede and Van Houtte (2012)
1.87 106 J/K m3b

Heat capacity fluid (ρFcF) 4.186 106 J/K m3 Vandenbohede and Van Houtte (2012)

a Layers 1–2
b Layers 3–30
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For cation exchange, the following half-cell exchange
reactions were taken into account:

Ca2þ þ 2X −⇔CaX 2 ð8Þ

Mg2þ þ 2X −⇔MgX 2 ð9Þ

Naþ þ X −⇔NaX ð10Þ

Kþ þ X −⇔KX ð11Þ

Fe2þ þ 2X −⇔FeX 2 ð12Þ

The CEC concentrations are derived from the sediment
analysis (Fig. 2) and vary between 20 meq/kg (layer 1),
15 meq/kg (layer 2) and 10 meq/kg for all other model
layers. The exchanger compositions are simulated to be in
equilibrium with the ambient groundwater.

Finally, age of the water is calculated using the method
of Goode (1996). By considering age as the concentration
of a solute species, it is possible to simulate the age
distribution using the following form of the advection–
dispersion equation (Bethke and Johnson 2008):

∂t
∂t

¼ D⋅∇2t−∇⋅ vtð Þ þ R ð13Þ

where t is age (days), R is the age species production rate
(–) equal to 1, and D is the hydrodynamic dispersion
tensor (m2/day).

Heat transport
Heat transport is determined by convection and conduc-
tion, which is mathematically analogous to advection and
diffusion/dispersion for solute transport and is discussed
in detail by Wang and Anderson (1982), Anderson (2005),
Thorne et al. (2006) and Langevin et al. (2007). The
solute transport equation which is used in SEAWAT is
manipulated to simulate heat transport (Thorne et al.
2006) according to:

1þ 1−θ
θ

ρScS
ρFcF

� �
∂ θTð Þ
∂t

¼ ∇: θ
lb

θρFcF
þ α

q

θ

� �
∇:T

� �
−∇: qTð Þ−q0

sT s

ð14Þ

where T is temperature (°C), t is time (days), θ is effective
porosity (-), lb is the bulk thermal conductivity, W/(m°C),
ρS and ρF are the density of the solid and fluid (kg/m3), cS
and cF are the specific heat capacity of the solid and fluid,
J/(kg°C), α the dispersivity tensor (m), qS is a source or
sink (m−1), and TS is the source/sink temperature (°C).

For flow simulation with SEAWAT, fluid density and
viscosity variations due to temperature changes are
accounted for using the variable-density flow (vdf) process
and viscosity (vsc) package. Equilibration of temperature
between fluid and solid and thermal conduction is simulated
with the chemical reaction (rct) package. Heat transport
parameters applied in the model are listed in Table 1 and are
reported in detail in (Vandenbohede and Van Houtte 2012).

Composition of the ambient water and the infiltration
water
The charge-balanced and equilibrated average composition
of native dune water is given in Table 2 based on analyses
from different wells penetrating the aquifer (Vandenbohede
et al. 2009b). It is equilibrated with calcite for a saturation
index of 0 and with Fe(OH)3(a) for a saturation index of 3 at
11 °C, which are the means of the saturation indices in the
dune water samples. Van Breukel et al. (1998) also mentions
a SI of 3 for Fe-oxides in comparable Dutch dunes. Recharge
water from rainwater was considered to be saturated with O2.
A small amount of NO3

− was added for the amount coming
out of rainwater as it passes through the unsaturated zone
(Stuyfzand 1993b). The pE (electron activity) was calculated
with PHREEQC

The infiltration water is saturated with respect to
oxygen and is characterized by a very low TDS.
Infiltration-water-quality changes with time, especially
before May 2004. Although complete chemical analyses
of the infiltration water are available monthly, these do no
capture the smaller time-scale variations. Moreover, only
yearly sample results are present for the observation wells.
Therefore, the infiltration period from July 2002 until
December 2012 was subdivided into five periods during
which the infiltration-water quality was considered con-
stant (Table 2). The composition is the mean of the water
quality during the given period and electrically balanced.
The pE is calculated with PHREEQC.

Temperature of the infiltration water changes every
stress period according to a sine function:

T tð Þ ¼ Tm þ Asin
2pt
365

þ 8

365
2p

� �
ð9Þ

with mean temperature Tm of 13.5 °C, amplitude A of
11 °C and phase 8 of 265 days. The coldest water
infiltrates at the beginning of January and the warmest
water at the beginning of July. This sine function was
fitted to temperature observations in the infiltration pond
(Vandenbohede and Van Houtte 2012).

Observation bores in the area were generally sampled
on a yearly basis with the analytical work undertaken
by the accredited laboratory Vivaqua, the water
company of the Brussels Region. A number of parameters
(pH, temperature and O2) were measured in the field.
Observation bores WP24.2 and WP23.2 were used for
comparison with model results.
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Calibration of flow and transport model
The flow and conservative transport model was calibrated
using time series of measured head data from bores WP24
and WP23 and Cl− obtained in the extraction wells. WP24
and WP23 contain three screens at a depth of 3 m (XX.4),
7 m (XX.3) and 11.5 m (XX.2). With chloride concentra-
tions in the recharge water being half to 1/20 of the
chloride concentration in the ambient water, Cl− was
found to be a suitable conservative tracer and was used to
constrain the conservative transport model. A tracer test
with NaF (Vandenbohede et al. 2008b) in 2006 provided
an additional conservative tracer (F−) to establish ground-
water travel times. Calibration of the flow and conserva-
tive transport model are treated in detail in the electronic
supplementary material (ESM) of this report. Hydraulic
parameters derived from the calibration of a three-
dimensional (3D) solute and heat transport model
(Vandenbohede and Van Houtte 2012) resulted in an
acceptable fit with observations.

The calibrated nonreactive model formed the basis for the
subsequent reactive transport simulations. Adjustable pa-
rameters within the reactive transport model are listed in
Table 1. Measured major ion concentrations (HCO3

−, SO4
2−,

Ca2+, Mg2+, Na+, K+), total iron (Fetot) and pH for bores
WP24 and WP23 form the constrains of the reactive
transport model. Simulation thereby proceeded in a step-
wise manner with the applied reaction network successively
being extended according to:

Case 1: conservative solute transport
Case 2: case 1+equilibrium with calcite
Case 3: case 2+cation exchange
Case 4: case 3+equilibrium with Fe(OH)3(a) and kinetic

SOM oxidation
Case 5: case 4+monthly varying O2 concentration in infiltra-

tion water
Case 6: case 5+temperature dependence of SOM oxidation

Doing so, the relative impact of different processes can
be discussed. Cases 1–4 aim to highlight the impact of

different reactions and are considered at 11 °C, which is the
mean temperature in the aquifer. Cases 5 and 6 represent
seasonal temperature dependent effects. Case 5 considers
temperature dependence of O2 saturation of the infiltration
water, whereas case 6 adds the temperature influence on the
SOM oxidation. Case 6 takes care of all reactions and effects
expected to influence the re-mineralization of the infiltration
water. Literature values for the parameters given in
Table 1 proved suitable to reproduce the different concen-
tration time series.

Results

Relative impact of reactions
Figure 4 compares simulated andmeasuredCl−, HCO3

−, SO4
2−,

Ca2+, Mg2+, Na+, K+ and Fetot concentrations and pH as
a function of time for the six cases at the location of
WP23.2 with the observations in WP24.2 and WP23.2.
Observations at both wells are also plotted on these
figures because no significant differences between
observations in different wells are present (Vandenbohede
et al. 2009b). Calculated concentrations in both wells differ
mainly by the timing of breakthrough of solute fronts. These
differences, however, are too small to be seen in the
measurements. Cases 4, 5 and, 6 give the best fit with the
measurements as expected. The observations are not dense
enough to show the seasonal effects of cases 5 and 6.

Cl− is only affected by advective flow and dispersion
and is not considered in the reaction network. A good fit
between observations and model results of case 1 is
therefore obtained. Conservative Cl− transport shows the
different steps of the infiltration: first the displacement of
native dune water with the infiltration water resulting in
smaller concentrations, followed by the succession of
different qualities of infiltration water. Assuming only
conservative transport underestimates Ca2+, HCO3

− and
pH considerably, whereas calculated SO4

2−, Mg2+, Na+,
K+ and Fetot are close to the observed values.

Table 2 Major ion concentrations, temperature, pH, pE and saturation index (SI) of calcite and Fe(OH)3(a) of the native dune water,
rainwater and the infiltration water. Concentrations are given in mmol/L, temperature is given in °C

Dune
water

Recharge
from
rainwater

Infiltration water
July 2002–Feb
2003

Infiltration water
March 2003–April
2004

Infiltration water
May 2004–April
2005

Infiltration water
May 2005–Nov
2009

Infiltration water
Dec 2009–Dec
2012

Ca2+ 2.85 2.85 0.35 0.30 0.02 0.02 0.02
Mg2+ 0.30 0.30 0.05 0.025 0.03 0.02 0.025
K+ 0.30 0.30 0.05 0.10 0.02 0.02 0.025
Na+ 2.00 2.00 0.6 1.00 0.50 0.5 0.35
HCO3

− 6.03 6.16 0.82 0.87 0.69 0.68 0.53
Cl− 1.70 1.70 0.60 0.90 0.10 0.10 0.10
SO4

2− 0.90 0.90 0.25 0.25 0.05 0.05 0.05
NO3

− 0 0.05 0.05 0.05 0.05 0.05 0.05
O2 0 0.26 0.26 0.26 0.26 0.26 0.26
Fe 0.0416 0.001 0.001 0.001 0.001 0.001 0.001
pH 7.35 7.35 6.2 6.26 6.47 6.47 6.24
Temperature Variable 11 11 11 11 11 11
pE 4.53 14.60 15.50 15.60 15.30 15.30 15.50
SIcalcite 0 0 −2.96 −2.9 −3.80 −3.81 −4.27
SIFe(OH)3(a) 3.00 1.39 −1.76 −1.58 −0.92 −0.91 −1.60
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Allowing for equilibrium dissolution/precipitation of
calcite (case 2) elevates Ca2+ and HCO3

− considerably as
well as pH, since the infiltration water is undersaturated
with respect to calcite (Table 2). The increase thereby
varies according to the changes in infiltration-water
chemistry (Fig. 5). Case 2 results in a greatly improved
fit between observations and model simulations
confirming that calcite dissolution is one of the important
reactions altering the infiltration-water quality. At the
locations of the observation wells, calcite concentration
does not decrease since equilibrium with calcite is realized
in the first model layer under the pond. Here calcite
concentration decreases from 0.5404 to 0.1530 mol/L in
the 9.5 years of operation.

Including cation exchange in the reaction network
(case 3) affects the concentrations of Ca2+, Mg2+, K+, Na+

and HCO3
− (Fig. 5). After the start of the infiltration, dune

water is replaced by less mineralized infiltration water.
This “freshening” of the aquifer results in Mg2+, Na+ and
K+ on the exchanger being exchanged for Ca2+ and
entering solution. An overall increase in TDS of the
infiltration water between March 2003 and April 2004
characterized by an increase of Na+ and K+ and a decrease
of Ca2+ and Mg2+ triggers exchange of Ca2+ and Mg2+ for
Na+ and K+ on the exchanger. From May 2004, mineral-
ization of the infiltration water decreases sharply and Na+

and K+ are exchanged for Ca2+. It takes about 1 year until
the infiltration-water composition equilibrated with calcite
breakthroughs at the locations of the observation wells. At
that moment, no further cation exchange occurs. The
fourth change in water composition is minor and has
almost no effect with regard to cation exchange. A small
decrease in the infiltration-water TDS in December 2009,

mainly due to a decrease of Na+, triggers the same reaction. It
takes about 1.25 years before the new infiltration-water
composition, equilibrated with calcite, breaks through and
no further cation exchange happens.

Adsorption of Ca2+ on the exchangers results in
enhanced calcite dissolution, which is of greatest impor-
tance at the start of the infiltration, when replacing native
dune water with infiltration water and after the sharp
reduction in TDS of the recharge water in May 2004.
However, the effect of cation exchange on calcite
dissolution is overall small with changes to Ca2+ and
HCO3

− solute concentrations hardly noticeable (Fig. 4).
The addition of cation exchange results in an improved
model fit for Mg2+ and K+.

Case 4 adds kinetic SOM oxidation and equilibrium
reactions with Fe(OH)3(a) to the reaction network. Oxidation
of SOM releases CO2 and a higher CO2 pressure causes
further dissolution of calcite. Consequently, Ca2+ and HCO3

−

increase significantly (Fig. 5) and pH decreases. Ca2+ and
HCO3

− varies with time and are not correlated with the
different infiltration-water compositions. They are mainly
governed by variations in infiltration and extraction rate.
During winter and early spring periods both rates are lowest
leading to lower flow velocities in the aquifer. O2 consump-
tion in the infiltrated water is consequently larger per m
travelled along a flow line, increasing Ca2+ and HCO3

−. The
reverse is true during summer and autumn resulting in a
seasonally varying addition of Ca2+ and HCO3

− due to SOM
oxidation (Fig. 5). Variations in Ca2+ in turn influence cation
exchange, and hence Mg2+, K+ and Na+ concentrations.
However, these changes remain small. O2 is not entirely
consumedwhen infiltrated water reaches the production wells
(see Dissolved oxygen and redox zonation). Consequently,

Fig. 4 Comparison between calculated Cl−, HCO3
− SO4

2−, pH, Ca2+, Mg2+, Na+, K+ and Fetot at the location of WP23.2 as function of
time and measured concentration in wells WP24.2 and WP23.2
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oxic conditions prevail throughout the aquifer between the
infiltration ponds and extraction wells. Thus, Fetot concen-
trations remain low and NO3

− (not shown) and SO4
2− behave

conservatively.
Cases 5 and 6 add additional seasonal effects. Oxygen

concentration varies between 10.2 mg/L at 2.5 °C and
6.7 mg/L at 25 °C. Increased O2 during winter infiltration
brings about a higher degree of SOM oxidation resulting
in increased HCO3

− (Fig. 5). The reverse happens during
summer resulting in seasonally varying HCO3

− for which
the mean is equal to those calculated for case 4. Calcite
equilibrium brings about variation in Ca2+ and pH,
whereas resulting cation exchange gives small seasonal
variations in Mg2+, K+, and Na+.

Case 6 considers the temperature dependence of the
SOM oxidation reaction. Lower temperatures slow SOM
oxidation resulting in a decrease in HCO3

− concentrations.
As a consequence, Ca2+ also decreases and pH increases.
The reverse happens during summer. This variation is the
opposite of the effects due to seasonal variation in
infiltration and extraction rates or seasonal variation in

the infiltration-water dissolved oxygen content described in
the preceding. Since these three variations are included in
case 6, temperature dependence of SOM oxidation is the
dominant process resulting in seasonal variation in Ca2+,
HCO3

− and pH. However, these variations are small:
0.05 mmol/L for Ca2+, 0.1 mmol/L for HCO3

− and 0.05
unit for pH. The seasonal variation in Ca2+ affectsMg2+, Na+

and K+ concentrations due to cation exchange.
Case 6 is considered the closest representation of the

chemical changes which occur during infiltration of
recharge water of low TDS into the dune aquifer. The
remainder of the report records further work with the
results of case 6.

Changes along the flow path
The onset of the infiltration brings about a major change in
the chemical status of the aquifer, due to the displacement of
native dune water by low TDS infiltration water. Cl− shows
the conservative evolution of this displacement along a flow
line from the infiltration pond to the production well (Fig. 6).

Fig. 5 Difference in concentration between one case and the preceding case for a number of species at the location of WP23.2. A positive
value means an increase. Vertical dotted lines indicate the time of infiltration water-quality changes
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Mixing between native dune water and infiltration water
results in a mixing zone along the flow line. The mixing
zones of Ca2+, Mg2+ and HCO3

− are in the same location and
have the same width as for Cl−. As described before, Ca2+

and HCO3
− in the infiltration water are increased by calcite

dissolution and SOM oxidation. This happens immediately
after infiltration which explains the increase from 0.35mmol/
L in the infiltration water (Table 2) to 0.86 mmol/L (Fig. 6)
for Ca2+. For HCO3

−, this is an increase from 0.82 mmol/L in
the infiltration water to 1.5 mmol/L. Mixing zones of Na+

and K+ occur over a wider stretch along the flow path due to
cation exchange. After 22.5 days, the 50 % mixing line for
Na+ lags behind 8 m in comparison to Cl−. K+ lags even
further behind by about 17 m in comparison to Cl−. This is
the chromatographic sequence discussed extensively in the
literature (e.g. Valocchi et al. 1981; Appelo 1994).

In 2011, the system is in a dynamic equilibrium according
to the simulation. The volume of stored infiltration water in
the subsurface does not increase anymore and its changes in
volume are due to seasonal variations in infiltration and
extraction rates. Secondly, infiltration-water quality shows
only small changes. However, infiltration water undergoes
some notable changes along a flow line from the pond
towards the production well (Fig. 7). Ca2+ and HCO3

−

remain the main contributors to the TDS increase of the
infiltration water and their concentrations are raised right
after infiltration. With time, there is an additional increase of
Ca2+and HCO3

−, correlated with a decrease in O2 due to
SOM oxidation. Cation exchange dictates that Mg2+, Na+

and K+ concentrations also undergo small changes.
There is a seasonal influence on the TDS increase of

the infiltration water due to changes in 02 concentration
and temperature of the infiltration water (Fig. 7). During
winter, O2 concentration in the infiltration water is higher

than during summer but O2 consumption due to SOM
oxidation is lower. Additionally, higher infiltration and
extraction rates during summer months result in a shorter
residence time of the infiltrated water. Temperature
dependence of SOM oxidation, however, is the most
important factor. During summer, more O2 is consumed
and decrease along a flow line occurs faster than during
winter (0.63 and 0.44 mmol/L/year, respectively). This in
turn results in a stronger increase in Ca2+ and HCO3

−

concentrations in summer compared to winter. Follow-on
but very small effects are noticeable for Mg2+, Na+ and K+

due to equilibrium with the exchanger.

Dissolved oxygen and redox zonation
A typical redox zone is simulated by the reactive transport
model in the part of the aquifer not influenced by MAR. O2

in the naturally recharged groundwater is consumed in the
upper fewmeters due to the relatively high SOM content and
the low flow velocities, while NO3

− is consumed in the upper
5 m. Fetot concentrations are simulated to increase to
0.05 mmol/L deeper in the aquifer, where redox conditions
change to anoxic. This agrees well with measured NO3

− in
native dune water, which is in general less than the detection
limit of 0.02 mg/L, and Fetot concentrations, which are
between 0.05 and 0.09 mmol/L.

The pond infiltration, however, changes this redox
zonation. Following artificial recharge, oxic conditions
prevail between the ponds and the extraction wells
(Figs 8a,b), although O2 decreases gradually away from the
infiltration ponds. Deeper in the aquifer, O2 decreases
rapidly until no O2 is present below −23.5 m. Infiltration
water is present to depth −28 m (50 % mixing line) and
nitrate is being reduced in this lower part of the aquifer.

Fig. 6 Cl −, Ca2+, Mg2+, Na+, K+ and HCO3
− as function of distance along a flow line, starting at the infiltration pond, for four time

periods after the beginning of the infiltration
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Below 28 m, no NO3
− is present and Fetot increases to

0.05 mmol/L. The age of the infiltration water in the deeper
part of the aquifer is simulated to be older than 50 days in
comparison with the upper part of the aquifer underneath the
ponds where water is of young age (<50 days). The age
increases rapidly with depth below −15 m (Fig. 8c).
Consequently, these prolonged residence times result in
complete O2 consumption in the deeper part of the aquifer.

SOM oxidation reduces organic matter content of the
aquifer matrix with time (Fig. 8d). At the end of 2011, SOM
has decreased by 6 % underneath the infiltration pond. This
translates into a rate of SOM decrease of 0.721–0.703 mol/L
from the start of the infiltration, or about 0.16 mmol/L/
month. At this rate, it will take about 375 years to consume
SOM in the upper part of the aquifer. Due to a decrease in O2

concentrations away from the infiltration ponds, this rate of
SOM decrease slows towards the production wells. Here,
SOM decreased by about 1.5 % at the end of 2011. This
corresponds to decrease from 0.0721 to 0.0711 mol/L over
the 9.5 years of MAR operation and at this rate, it would take
685 years to completely consume the SOM. This longer time
compared with the time near the pond is due to different
reaction rates based on different O2 concentrations. Overall,
a mean rate of decrease of 0.313 mmol/L/year of SOM is
calculated for the aquifer occupied by infiltration water.
Thus, SOM is estimated to be oxidized fully after about
660 years between the infiltration pond and production wells.

The redox conditions within the aquifer are of conse-
quence to the post-treatment of the extraction water for use as
drinkingwater. Before the start of theMAR project, themajor
treatment of the extraction water was iron removal, with
mean Fetot in the native dune water varying between 0.05 and

0.09 mmol/L. This iron must be removed with aeration and
rapid sand filtration. With the commencement of the MAR
project, the extraction waters became a mix of waters with
different redox states: anoxic native dune water and oxic
(nitrate-reducing) infiltrated water. Mean calculated Fetot of
the extraction water is 0.015 mmol/L, which correspond to
the observed iron concentrations within the extraction water.
While iron removal is still required, the infiltration project has
resulted in reduced iron sludge production.

Calcite dissolution
Due to the low TDS of the infiltration water, calcite
dissolution has reduced the calcite content in the recharged
aquifer. At the center of the infiltration pond, this has led to a
reduction in calcite content by 43 % after 5 years (Fig. 9).
After 9.5 years, 73 % of the calcite has dissolved in the first
model layer. This simulated decrease of calcite corresponds
with the prominent decrease/absence of the strongest calcite
peak in the X-ray diffractograms for the two samples taken
just under the pond’s floor (Fig. 10). Figure 10a shows a
XRD pattern for the sediment sample, taken at a depth of
3.2 m in the dunes next to the pond, showing a clear peak
indicating calcite. In the sample taken just below the pond’s
floor, this calcite peak has disappeared (Fig. 10b). The sample
taken 75 cm below the pond’s floor shows the calcite peak;
however, its intensity relative to the quartz peaks is reduced.

Equilibrium with calcite is attained very rapidly under-
neath the infiltration pond and calcite dissolution is
predominantly constrained to the first model layer below
the pond. In deeper parts of the aquifer, calcite also dissolves,
but due to an increase in CO2 from SOM oxidation.

Fig. 7 Concentration change of Ca2+, Mg2+, Na+, K+, HCO3
− and O2 with respect to the infiltration water as function of travel time

(days) along a flow line between the eastern pond and the production wells. Full line gives the evolution of water infiltrated during winter,
dotted line is for water infiltrated during summer
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Overall, the calcite dissolution rate in the model is
calculated to be about 0.62 mol/L calcite dissolved per year.
Thus, complete dissolution of calcite in the aquifer occupied
by infiltration water would take about 2,600 years. However,
after SOM is fully oxidized, the rate of calcite dissolution can
be expected to decrease, and hence the time to leach the
aquifer entirely of calcite can be expected to be somewhat

greater than 2,600 years. This model-based calculation
compares well with a rough estimate of entire calcite
dissolution of 2,500 years, which was based on Ca2+

increase in the infiltrated water due to aquifer passage
(Vandenbohede et al. 2009b). Consequently, it will take
more than two millennia before the aquifer will be depleted
of calcite and the main process of TDS increase of the
infiltrated water will then be mixing with native dune water
at the production well.

Discussion

Increase of TDS in the infiltrated water is caused by a limited
number of reactions. These reactions can be subdivided in
four key geochemical processes affecting the efficiency of
the system and the quality of the extraction water
(Farnsworth and Hering 2011): reduction near the pond,
mineral reactions in the aquifer, sorption–desorption to
aquifer materials and reactions near the production well.

Reducing conditions near a river or pond bank have been
observed in many field sites (Massmann et al. 2008; Bourg
and Bertin 1993; Jacobs et al. 1988). In most cases, organic
carbon in the infiltration water drives microbial activity to
exhaust the supply of O2 and often NO3

− with reductive
dissolution of Fe- or Mn-oxides as one of the consequences.
For the St-André MAR system however, sediment-bound
organic matter (SOM) is the only source of organic carbon.
The oxidation of this SOM changes the redox zonation as
well. Whereas under natural conditions, O2 and NO3

− are
consumed in the upper few meters of the dune aquifer, oxic
aquifer conditions prevail between the pond and the
extraction wells in the case of the St-André MAR system.
Denitrifying conditions only occur in the deeper part. This is
driven by the high flow velocities induced by the MAR
operation leaving no time to consume O2 and NO3

− between

Fig. 8 Calculated dissolved oxygen (mg/L) during a winter and b summer 2011, c age of the pore water (contours in days), and d
percentage decrease of SOM at the end of 2011, since the beginning of infiltration. The locations of the eastern infiltration pond and the
production well are indicated. The extent of the infiltration water (50 % mixing line) is indicated with a white line (a, b and d)

Fig. 9 Percentage decrease of calcite with reference to the calcite
concentration before the start of the infiltration project under the pond
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infiltration pond and extraction well. Whereas reductive
dissolution of Fe-oxides increases Fetot in the native dune
water, Fetot in the infiltrated water remains low as oxic
conditions prevail.

At many MAR sites, seasonal carbon load variations as
well as higher respiration rates in summer due to higher
temperature of the infiltration water drive chemical changes
in the aquifer (Farnsworth and Hering 2011). For the St-
André system, the seasonal variation of O2 and temperature
in the infiltration water result in seasonal chemical changes
in the dune aquifer. Also, changes in infiltration and
extraction rates because of seasonal water demand are of
importance. The variation of temperature has the largest
influence. However, these seasonal variations in the infil-
trated water are not important enough to change the redox
state of the aquifer between the ponds and the production
wells drastically. It does, however, lead to variations in O2

concentrations and concentrations of all major ions.
The infiltration water is undersaturated with respect to

calcite and this triggers calcite dissolution as has been

observed on many field sites (Bourg and Bertin 1993;
Greskowiak et al. 2005; van Breukel et al. 1998; Goren et
al. 2011). Equilibrium with calcite is obtained almost
immediately following infiltration and forms the main
process to increase the TDS of the infiltration water.
Subsequently, calcite concentrations directly below the
pond’s floor are expected to decrease and this is already
measurable in the field as was shown with the X-ray
diffractograms. Further, oxidation of organic carbon
results in the generation of CO2 and H+ (Johnson et al.
1999) enhancing calcite dissolution throughout the aqui-
fer. However, dissolution of calcite due to SOM oxidation
is of minor importance compared to the reduction in
calcite content triggered by equilibrium reactions in
response to the freshly infiltrated undersaturated water.

Disequilibrium between infiltration water composition
and exchanger leads to cation exchange. However, major
ions dominate the exchange process and as such ion
exchange rarely affects the quality of the infiltration water
unless for contaminated sites (Farnsworth and Hering
2011). This applies also for the St-André MAR system
where cation exchange only results in the retardation of
major cations. Cation exchange may result in the
retardation of trace elements or metals such as Fe, Mn,
Al, Cd, Zn, Ni, Pb, As, or Cu (von Gunten et al 1991;
Bourg and Bertin 1993; Oren et al. 2007; Sontheimer
1980; Stuyfzand et al. 2006). These species can for
instance be released in the reducing zone near the
infiltration pond with cation exchange forming a buffer
before break-through in the extraction well occurs (Bourg
and Darmendrail 1992). However, this is also not relevant
for the St-André system, since these species are not
present in either the infiltration water or in the dune
sediments and are subsequently also not found in
observation wells or in the extracted water. Cation
exchange is subsequently only important when the
composition of the infiltration water changes importantly
(e.g. during the start of the infiltration project or the
infiltration-water composition change in May 2004).
Effects of cation exchange due to small daily variations
of infiltration water, and as a result of seasonal variations
(e.g. SOM oxidation), remain small.

At the production well, infiltrated water is mixed with
native dune water. The latter is anoxic water, whereas the
former is mainly oxic water but also contains water under
denitrifying conditions. Native dune water contains
relatively high Fetot, whereas this is very low in the
infiltrated water. Subsequently, aeration of native dune
water with infiltrated water holds a risk of precipitation of
Fe-oxides and clogging of the screen (van Beek et al.
2009; Hässelbarth and Lüdemann 1972). Low percentage
of native dune water in the extraction water (mean value
of 20 %) and constant high flow rates through the screen
seem to prevent this clogging. However, wells are cleaned
each year as a precaution and step-drawdown tests
executed before and after the cleaning have shown that
well-loss decreases by a factor of 5 because of the
cleaning (E. De Wulf, Ghent University, unpublished
data, 2008). On the other hand, there is currently less Fetot

Fig. 10 X-ray diffractrograms for bulk sample powders of a dune
sediment at a depth of 3.2 m, b sediment 10 cm below the pond’s
floor, and c sediment 75 cm below the pond’s floor. Q quartz; Ca
calcite; F feldspar. Vertical scale shows relative intensity of the
different peaks
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in the extraction water than before the infiltration project
when only native dune water was extracted. This lowers
the amount of iron sludge as a result of the iron removal
after extraction.

Clogging in general is less of an issue for the St-André
MAR system than for other systems. Clogging of the
ponds’ floor or of the aquifer material can happen (Baveye
et al 1998), as well as at the interface of the well.
Chemical and physical clogging of the ponds’ floor (e.g.
precipitation of minerals) is limited because of the low
TDS and low suspended solids in the infiltration water.
Only biological clogging by the development of an algal/
bacterial layer is occurring. This resulted from 2007
onwards in a notable decrease of the infiltration capacity.
In the subsequent year, the floor was cleaned by the
mechanical removal of the upper few centimeters.
Clogging of the deeper aquifer material is highly unlikely.
Only dissolution of (carbonate) minerals is expected but
not precipitation which could lower porosity and aquifer
transmissivity.

The model uses a cross-section through the eastern pond
because flow can be considered 2D between the pond and
the production well (Vandenbohede et al. 2008b). This
ignores possible mixing due to transversal dispersion. In
contrast, the third dimension is more important in the case of
the western pond because of the location of the first 10 wells.
Despite these considerations, the approach followed here (in
line with for instance Konikow 2011) gives better conceptual
understanding of the MAR system than a qualitative
description (Vandenbohede et al. 2009b) and provides
quantitative intuition.

Conclusion

This low TDS of the infiltration water determines the
operation of the system. During passage through the
aquifer, calcite dissolution and SOM oxidation determine
the TDS increase of the infiltrated water. Additionally,
mixing with pristine dune water near the production well
influences the quality of the extracted water. Changes in
temperature and 02 concentration bring about small
seasonal changes in the TDS increase of the infiltrated
water. Because of the distinct composition of the
infiltration water, the extracted water is of constant and
high quality. The low TDS of the infiltration water also
decreases the tendency for clogging. Physical clogging by
algal and bacterial growth in the upper few centimeters of
the floor’s ponds is currently the only issue.

Besides major changes in the infiltration-water compo-
sition, no major changes in the composition of the
extraction water are expected for the next centuries.
SOM is estimated to be fully oxidized in about 660 years.
Thereafter O2 in the infiltration water will no longer be
consumed, which could lead to an increased risk of well
clogging due to iron oxide precipitation. For calcite to be
leached from the aquifer matrix will take more than two
millennia. It is expected, that this would in turn lead to a

marked decrease in TDS of the extracted water and a
decrease in pH due to the lack of buffering capacity.

The low TDS and absence of nutrients, heavy metals,
trace organics, micropollutants or other undesired com-
pounds in the infiltration water characterizes the St-André
system and sets it apart from most other MAR systems.
The St-André MAR is currently the only system in Europe
which uses tertiary treated wastewater. This allows water
extraction in a valuable area (e.g. a dune ecosystem) to be
sustainable and to integrate water re-use in a coastal area
where freshwater resources are limited.
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